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One of its major uses is as the active ingredient in antifouling paints used in boats and ship hulls to avoid bioincrustation, thus constituting an important contaminant in aquatic environments (De Mora, 1996; Yebra et al., 2004) .
As frequently reported, TBT has strong negative effects in both eukaryotic and prokaryotic organisms (Antizar-Ladislao, 2008) , being imposex-the superimposition of male sexual characteristics on female gastropods-one of the most important effects (Smith, 1971) .
Also, several studies have demonstrated the potential of TBT to be bioaccumulated, augmenting its effect through the food chain (Meador, 1997; Maguire, 2000; Dwivedi and Trombetta, 2006; Murata et al., 2008) .
Despite this, several reports began to appear describing TBT resistance in some microorganisms (Gadd, 2000; Tam et al., 2002; Dubey and Roy, 2003; Mendo et al., 2003; Hernould et al., 2008; Bernat et al., 2013b) .
Being aware of the undesired impacts of TBT, efforts have been undertaken to find a global solution to this problem, and legal requirements have been enforced to protect the aquatic environment. Currently, the main concern is to evaluate the effectiveness of the legislation in course and monitor TBT in the environment. With that goal, several TBT bioreporters have been developed (Briscoe et al., 1996; Bundy et al., 1997; Cha and Kim, 2002; Durand et al., 2003) .
More recently, microbial systems and bioremediation programs are becoming the method of choice over other more traditional methods, such as land filling, incineration, and excavation, among others, for the treatment of contaminated soils/sediments and waters (Alexander, 1999; Ayanda et al., 2012) .
This review provides updated information on (a) the properties and major applications of organotin compounds, (b) the main adverse biological effects of TBT on living organisms from bacteria to mammals, (c) TBT resistance in microorganisms, (d) microbial TBT degradation and bioremediation, and (e) the available bioreporters for TBT detection.
ORGANOTIN COMPOUNDS AND TBT: PROPERTIES AND APPLICATIONS
Organotin compounds (OTs) comprise a group of organometals pollutants characterized by the presence of a tin (Sn) atom covalently bound to one or more organic substituents (e.g., methyl, ethyl, butyl, propyl, phenyl; Hoch, 972 A. Cruz et al. 2001) . They conform to the following general formula R (4-n) SnX n with n = 0-3, in which R is any organic alkyl or aryl group and X is an anionic species, for example, halide, oxide, chloride, or hydroxide (Rudel, 2003) . The properties of OTs vary significantly, depending mainly on the number and nature of the R groups, and also on the type of the ligand (X; Hoch, 2001) . In general, inorganic tin is non-toxic whereas trisubstituted compounds have maximum toxicological activity (Sekizawa et al., 2003) . Cases of poisoning with tin are almost unknown, once ingested tin is poorly absorbed by organisms. Despite this, it has been reported that the massive inhalation of tin by exposed industrial workers may lead to irritation of the respiratory tract (Graf, 1996; Rudel, 2003) .
Tributyltin oxide (TBTO) and tributyltin chloride (TBTCl) have been commonly used to perform laboratorial experiments to study organotin toxicity (Okoro et al., 2011; Cruz et al., 2012a; Bernat et al., 2013b) . For instance, exposures to TBTO and TBTCl may induce different mechanisms of toxicity in B6C3F1 mice macrophages, being TBTO more toxic than TBTCl at the highest concentration tested (10 -6 M; Kergosien and Rice, 1998) .
The water solubility of most OTs is low and is also dependent on the pH, ionic strength, and temperature. OTs solubility in water decreases with increasing number and length of the organic substitutes, but it also depends on the particular X ion (Hoch, 2001) . Accordingly, data for TBTCl solubility in the water range from 5 to 50 mg L -1 , whereas dibutyltin dichloride (DBTCl 2 ) solubility is higher, up to 92 mg L -1 (Rudel, 2003) . Due to its low water solubility, OTs strongly bind to suspended material and inorganic sediments (Laughlin et al., 1986) , just as shallow marine sediments (de Oliveira et al., 2010; Filipkowska et al., 2011; Okoro et al., 2011; Zhang et al., 2013) . OTs are hydrophobic due to the hydrocarbon substituents. The extent of hydrophobicity depends on the degree of alkylation/arylation at the central tin atom (number of groups, length of alkyl chain; Rudel, 2003) . TBT possesses an octanol/water partition coefficient (log K ow ) varying according to the pH and salinity conditions. Considering the values available in the literature, the partition coefficient ranges from 3.21 to 3.85 for TBTCl at pH values of 5.8 and 7.8, respectively (Fent, 1996) .
In the aquatic environment, TBT is quickly removed from the water column and adheres to bed sediments due to its high specific gravity (near 1.2 kg L -1 at 20 • C; Landmeyer et al., 2004) , low solubility (less than 10 mg L -1 at 20 • C and pH 7.0; Fent, 1996) , and log K ow values near 4.4 at pH 8. Additionally, TBT is ionizable and exhibits a pK a acidity constant of 6.25 (Antizar-Ladislao, 2008) .
It has been reported that the half-life time of TBT in soils varied from one day to 4.4 years. This broad range is related with the different characteristics of the soil namely, pH, composition and organic matter content. Also other conditions such as temperature, OTs concentration, and aerobic or anaerobic conditions should influence the half-life time for TBT (Heroult et al., 2008) . Moreover, one study conducted by Huang and Matzner (2004) showed the importance of OTs complexation with soil organic matter for the binding mechanism. It was also demonstrated that OTs binding depends on the OT species and the amount of organic matter in the soil (Huang and Matzner, 2004) . Thus the adsorption capacity of OTs in soils follows the order mono-> di-> trisubstituted OTs (Huang and Matzner, 2004) .
The trisubstituted OT species, such as TBT, have been described as the most toxic substance ever produced and deliberately introduced into the environment by anthropogenic activities (Goldberg, 1986) . The world's production of OTs was estimated at about 40,000 tons/year in 1985 (Alzieu, 1998) , increasing to 50,000 tons/year in 1996 (Antizar-Ladislao, 2008) .
Due to its properties, OTs have been used in several industrial applications (Table 1) .
Since the beginning of the Bronze Age, tin has been used for the production of various products such as tin dishes or drinking mugs (Rudel, 2003) . However, it was in the 1940s with the plastics industry, particularly the production of polyvinyl chloride (PVC), that the commercial application of OTs began (Hoch, 2001) . About 70% of the total annual organotin production is used as catalysts for polyurethane foams and silicones and as additives for thermal and light stabilization in the plastic industry (Hoch, 2001) . Butyltin (BT) was detected in 50% of the plastic product samples, from supermarkets, including baking parchments made by siliconized paper, gloves made of polymethane, sponges for dish washing and cell phone film for foodstuffs (Okoro et al., 2011) .
Despite being used as polyvinyl chloride (PVC) stabilizers since the 1940s (Appel, 2004; Wilkes et al., 2005) , the industrial applications of OTs emerged due to the recognized biocidal properties of the trisubstituted derivatives, mainly TBT and triphenyltin (TPT), in the early 1950s (Bennett, 1996) . In 1970s they became the active component of antifouling (AF) paints used on ship and boat hulls, docks, fishnets, and buoys, to discourage bioincrustation-unwanted settling and growth of barnacles, bacteria, tubeworms, mussels, and algae, on the surfaces immersed in water (Yebra et al., 2004; Sternberg et al., 2010) . TPT has also been used as cobiocide in AF paints. However, its major use is as fungicide for agriculture application (Fent, 1996) .
Taking into account the extensive applications of OTs, several hundred different compounds are used routinely (Grun, 2014) .
Presently, triorganotins, the most toxic OTs, represent about 30% of the total production that is performed annually worldwide. The impressive increase in the use of OTs was due to their extensive use in the manufacture of plastics and also due to the its use as a biocide (Grun, 2014) .
ADVERSE BIOLOGICAL EFFECTS OF TBT ON LIVING ORGANISMS
Because TBT bioaccumulates along the different trophic levels of the food chain it is therefore biomagnified and is of particular concern in long-lived biota (Murata et al., 2008) . The toxic effects of TBT were reported for the first time in France, in the Bay of Arcachon, where failure to reproduce and shell calcification, led to stunted growth and a collapse in oyster reproduction (Alzieu, 2000) .
In 1980s, TBT was associated to imposex, a phenomenon characterized by the superimposition of male sexual characteristics (vas deferens, penis) on female gastropods (Smith, 1971) , constituting an example of endocrine disruption. In fact, imposex led to the extinction of Nucella lapillus (Gibbs and Bryan, 1996) at heavily TBT polluted areas, namely in southwest England, representing one of the most serious effects of TBT.
TBT toxicity to organisms belonging to the five taxonomic kingdoms, from bacteria to mammals and from the molecular to the community level, have been reported (White et al., 1999; Gadd, 2000; Cooke, 2002; Antizar-Ladislao, 2008; Bernat et al., 2009) .
It has been reported that for many organisms, TBT is a strong cytotoxic compound that is involved in the perturbation of calcium homeostasis. TBT causes cell killing and programmed cell death (apoptosis) by inducing elevated intracellular calcium concentrations and generation of reactive oxygen species in mitochondria (Konstantinou, 2006) .
At the cellular level, TBT-lipophilic interactions with cell membrane have been described which play an important role in the uptake and toxicity of TBT. These interactions have already described in several species of bacteria, fungi, and yeasts (White and Tobin, 2004; Martins et al., 2005; Bernat and Dlugonski, 2007; Cruz et al., 2012a) . Table 2 lists some examples of the toxic effects of TBT in different taxonomic groups. Considering the exposure and sublethal effects, mollusks are considered the most sensitive taxon (Fent, 1996) . This should be due to the high uptake rate of TBT by mollusks, their low ability to metabolize the compound, and also to the slow elimination rate through excretion (Fent, 1996; Oehlmann et al., 2007; Galante-Oliveira, 2010) .
In bacteria, TBT negatively affects cell growth and metabolism, by affecting respiration and inhibiting solute transport, biosynthesis of macromolecules, and transhydrogenase reactions (Wuertz et al., 1991; Gadd, 2000; Cruz et al., 2012a) . (Whalen et al., 1999) (Fent, 1996) (Antizar-Ladislao, 2008) (Hoch, 2001 ) (Grun and Blumberg, 2006 ) (Ohtaki et al., 2007) ) (Stridh et al., 1999 ) (Mizuhashi et al., 2000) (Liu et al., 2006) ATCC7966 was isolated from "a tin of milk with a fishy odor" (Seshadri et al., 2006) .
Four hypothesis regarding TBT resistance in bacteria were summarized by Dubey and Roy (2003) : (a) transformation into the less toxic compounds, dibutyltin (DBT) and monobutyltin (MBT) by dealkylation mechanisms; (b) exclusion/efflux from the cell, mediated by membrane proteins; (c) degradation/metabolization of the OT and its use as a carbon source; (d) bioaccumulation, without breakdown using metallothionein-like proteins. Still, the cellular and molecular mechanisms involved in TBT resistance are unclear. In fact, it seems consensual that different resistance mechanisms can be present among bacterial genera, and also in the same species or strain (Jude et al., 2004; Cruz et al., 2013) .
The association of plasmids with TBT resistance has also been reported. For instance, Cooney et al. (1995) reported that when the TBT-resistant Pseudomonas aeruginosa, was cured of its plasmid (pCRO1), the TBT resistance ability was lost, suggesting that in some bacteria TBT-resistance can be plasmid-mediated. Notwithstanding, TBT-resistant organisms lacking plasmids have also been described, suggesting that a resistance phenotype can be also chromosomally encoded (Fukagawa and Suzuki, 1993; Jude et al., 2004) . Table 3 summarizes the genetic determinants for TBT resistance described to date.
According to the data, Suzuki and Fukagawa (1995) reported that in Alteromonas sp. M-1, when TBTCl is added to the culture medium it is taken up by the bacterium. Yet, the amount of TBTCl in the cellular fraction was low after the logarithmic phase, suggesting the existence of a TBTCl-efflux system (Suzuki and Fukagawa, 1995) . Jude and collaborators (2004) identified an operon, tbtABM, in Pseudomonas stutzeri 5MP1, that is associated with Alteromonas sp. M-1 Possibly possess an efflux system for TBTCl (Suzuki and Fukagawa, 1995) 
Pseudomonas stutzeri 5MP1
Operon tbtABM, homologous to the resistance-nodulation-cell division (RND) efflux pump family (Jude et al., 2004) Aeromonas hydrophila ATCC7966
AheABC efflux pump (Hernould et al., 2008) Aeromonas molluscorum Av27 sugE gene, homologous to small multidrug resistant (SMR) proteins family (Cruz et al., 2013) Pseudomonas aeruginosa 25W
Up-regulated genes, as ribosomal protein, ribosome-modulation factor, cold-shock protein and elongation factor Tu genes ygiW gene, hydrogen peroxide and cadmium stress protein gene (Fukushima et al., 2010 ) (Fukushima et al., 2012) TBT resistance. The operon has homology with the resistance-nodulation-cell division (RND) efflux pump family and appeared to be specific to P. stutzeri, albeit the operon is not systematically present in this species. Indeed, only half of the environmental TBT-resistant P. stutzeri studied carried tbtABM. Furthermore, it was suggested by the authors that in P. stutzeri different TBT resistance mechanisms and/or different efflux systems are present. In 2008, Hernould et al. (2008) reported the functional analysis of a multidrug efflux pump belonging to the RND family in Aeromonas spp.. This AheABC efflux pump was associated with the intrinsic multidrug resistance of Aeromonas hydrophila ATCC7966, albeit at low levels. The same authors suggested that Aeromonas species are intrinsically resistant to TBT (Hernould et al., 2008) . In fact, Cruz et al. (2008; reported that among several isolates collected from Ria de Aveiro (Portugal), all the Aeromonas strains tested were resistant to TBT. One of these bacteria, Aeromonas molluscorum Av27, possesses a gene, Av27-sugE, which confers resistance to TBT to a sensitive E. coli HB101 (Cruz et al., 2013) . This gene is chromosomally located and it encodes SugE, a protein with high homology with Small Multidrug Resistance (SMR) proteins. This was the first study describing TBT as a substrate for SMR proteins. All these studies suggest that TBT resistance mechanisms are partly associated to antibiotic and other compounds resistance. A pyrosequencing-based approach was employed to analyze the Av27 strain's transcriptome of cells grown in different TBT concentrations (0, 5, and 50 μM TBT). Overall, the results suggest that the most abundant genes were found to be associated with enzymatic activity, transport, and binding (Cruz et al., 2012b) . In another study with P. aeruginosa 25W, DNA microarray analysis revealed that four genes were associated with TBT resistance (ribosomal protein, ribosome-modulation factor, cold-shock protein, and elongation factor Tu; Fukushima et al., 2010) . Fukushima et al. (2012) reported that ygiW gene is associated with TBT resistance in P. aeruginosa 25W. YgiW is a protein involved in tolerance to hydrogen peroxide and cadmium (Lee et al., 2010) .
Fungi
TBT resistance has been described also among fungi species. In Cunninghamella elegans, for instance, TBT is metabolized into the less toxic derivatives DBT and MBT (Bernat and Dlugonski, 2002) . The fungus was able to degrade TBT at 20 mg L -1 , but its growth was inhibited above this concentration. The same authors performed a biodegradation experiment in the presence of cytochrome P-450 inhibitors, where observed that TBT was not degraded. These results suggested that in C. elegans, TBT degradation is mediated by cytochrome P-450 dependent enzymes (Bernat and Dlugonski, 2002) . Also in C. elegans it was observed that changes in fatty acid compositions occurred during TBT degradation, suggesting that the high TBT resistance verified is associated with the modulation of the fatty acids composition and the biocide degradation (Bernat and Dlugonski, 2007) .
Algae
Concerning algae, several species resistant to TBT have been identified (Reader, 1992; Tam, 2001; Tam, 2002; Huang, 2003; Tam, 2003; Xie, 2011) . Similarly to what happens to fungi, also in algae the resistance mechanism has been related with biosorption and/or biodegradation (Table 4) . Reader and Pelletier (1992) reported that the marine diatom Skeletonema costatum is able to degrade TBTCl, even at low temperatures (4 • C). Diatoms cell densities were not significantly affected by the presence of MBT, DBT, and TBT at concentrations of 1 μg L -1 (Reader and Pelletier, 1992) .
In another study, the resistance to TBT of different algae species was as follows: Chlorella vulgaris> Scenedesmus obliquus> Dunaliella salina and Dunaliella viridis. Despite some resistance, high concentration of TBT inhibited the growth of S. obliquus, and in D. salina and D. viridis and it causes chlorosis and disintegration of the algae (Huang et al., 1993) . Tam et al. (2001) studied the effect of TBT over six species of two different genera of green microalgae (Chlorella sp. and Scenedesmus sp.). Among them, Chlorella vulgaris showed to be the most TBT-resistant species, and the seven-days IC50 values measured in terms of cell number and chlorophyll content were 220 and 262 μg L -1 , respectively.
Concerning C. sorokiniana species, it showed to be resistant to TBT presenting IC50 values around 100 μg L -1 (Tam et al., 2001) . Also in the genera For biosorption and biodegradation: "+" is ability to; "−" not able to. For mono and/or dibutyltin detection: "+" means "detection of MBT and DBT"
Chlorella, C. sorokiniana was described as a TBT-resistant microalgae, able to remove 74% of the compound from wastewater in 14 days (Tam et al., 2003) . The results showed that once inside the cells, TBT was absorbed and degraded into DBT being then rapidly metabolized to MBT by intracellular enzymes (Tam et al., 2003) .
The biosorption and biodegradation of TBT by two red tide microalgae, Leptocylindrus danicus and Amphidinium carterae, was also investigated.
The study reported by Xie et al. (2011) demonstrated that at sublethal concentrations of TBT (150 μg L -1 for L. danicus and 20 μg L -1 for A. carterae), algal cell wall rapidly adsorb TBT. Then TBT is degraded in DBT and MBT by both algae, being Amphidinium carterae a quicker degrader (Xie et al., 2011). 
TBT DEGRADATION AND BIOREMEDIATION
Environmental surveys from different locations worldwide revealed the presence of TBT in three main compartments of the aquatic ecosystem: the surface microlayer, the water column and the sediments (Gadd, 2000; Dubey and Roy, 2003) .
In the marine water column TBT can be rapidly degraded to DBT and MBT with a half-life of several days. In estuarine waters the typical half-life of TBT is 6-7 days at 28 • C; however, in deeper sediments the degradation is much slower (1.9-3.8 years; Gadd, 2000) . It is also known that aerobic/anaerobic conditions also determine the half-life of TBT. Under aerobic conditions, TBT takes one to three months to be degraded but it persists longer under anoxic conditions. As such, the half-life of TBT in water is about three months but it can range from 6 months to 8.7 years in anaerobic sediments (Sternberg et al., 2010) . Also, in sediments, the rate of OT degradation depends on the sediment type, chemical species (e.g., chlorides, oxides, hydroxides), and OTs concentration itself. In fact, the TBT decomposition can be inhibited when high concentrations of TBT are accumulated in sediments (Dowson et al., 1996; Hoch, 2001) .
OT degradation involves the sequential removal of organic groups from the tin atom (dealkylation), which generally results in a reduction of toxicity (Cooney, 1995; Gadd, 2000; Antizar-Ladislao, 2008) . In case of Chlorella sp. and Chlorella vulgaris, TBT metabolization from debutylate TBT to DBT is driven by enzyme E1. The enzyme E2 that metabolizes DBT to MBT was only present in Chlorella vulgaris (Tsang et al., 1999) . Moreover, it was found that the debutylation reaction from DBT to MBT is faster than the conversion of TBT to DBT, with little accumulation of DBT in the algal cells (Tsang et al., 1999) . In Figure 1 it is presented the degradation of TBT via successive dealkylation on microalgal.
Rates of TBT degradation may be influenced by several biotic and abiotic factors, for instance, the nature and density of the microbial population, TBT solubility, dissolved/suspended organic matter, pH, salinity, temperature, and light (Dubey and Roy, 2003) .
In contaminated sediments, it was shown that once the suitable conditions of pH and salinity are achieved it is possible to enhance TBT biodegradation, due to the improvement of bioavailability. Thus having the suitable conditions, the bioavailability of TBT can be increased, and consequently an higher amount of TBT is degraded, which will result in decreased toxicity of sediments (Sakultantimetha et al., 2011) .
Adsorption processes have proved their effectiveness to reduce TBT concentrations in water, due to the ability of OTs to become attached to organic and inorganic particles (Hoch, 2001; Du et al., 2014) .
The Sn-C bonds are stable in the presence of water, atmospheric oxygen and heat. In fact, OTs are stable at temperatures of up to 200 • C (Sheldon, 1975 ). Yet, UV radiation, strong acids, and electrophilic agents readily cleave the Sn-C bonds (Hoch, 2001) , with UV and chemical cleavage as the most significant abiotic factors responsible for this cleavage in the aquatic and terrestrial ecosystems (Gadd, 2000) .
Several inorganic and organic compounds, such as mineral and carboxylic acids or iron (III), naturally present in water or sediments, act as photocatalysts and promote the abiotic degradation of TBT. Photodegradation alone proceeds slowly, with a half-life of > 89 days (Maguire and Tkacz, 1985) . It is known that in the presence of microalgae and following the addition of nutrients light stimulates TBT degradation (Cooney, 1995) , supporting the thesis that sunlight radiation enhance the degradation of TBT through the stimulation of biological activity (Tessier et al., 2007) . Also, it has been reported that the environmental conditions significantly influences the interaction between microorganisms and tributyltin compounds.
In the aquatic ecosystems, pH and salinity can determine the bioavailability of TBT and, consequently, its biologic activity and degradation. Cooney and Wuertz (1989) observed that the increase of sodium chloride (NaCl) concentration, reduced the TBT toxicity, possibly due to the presence of Na + and Clions, that results in osmotic responses by microorganisms, that include alterations in the intracellular solute and in the permeability of the cellular membrane. Gadd (2000) reported that TBT toxicity is reduced by salinity levels close to those of seawater, emphasizing the significance of environmental factors in determining the toxicity of organotins. Gadd (2000) also reported that in the marine yeast Debaryomyces hansenii, the toxicity of butylated compounds varied, and this was strongly related to the external pH. Maximum toxicity occurred at pH 6.5 for mono-and tributyltin, while dibutyltin was effective at pH 5.0, with toxicity markedly decreasing above or below these values.
The metabolization of a compound generally reduces its persistency, whereas increased removal or elimination results in a reduction of toxicity. In general, it is believed that the biodegradation performed by microorganisms such as bacteria, fungi, algae, and cyanobacteria is the major TBT degradation process, both in the water column and sediments (Maguire and Tkacz, 1985; Dowson et al., 1996; Tessier et al., 2007) and it seems to occur mainly under aerobic conditions. Anaerobic biodegradation of TBT was observed under laboratory conditions with the bacterial isolate, Enterobacter cloacae (Sakultantimetha et al., 2010) . However, this strain is a facultative anaerobe, and it was observed that TBT degradation was facilitated under aerobic conditions (Sakultantimetha et al., 2010) .
Along the last decades, several studies reported the isolation of TBT degrader organisms, namely Tramatis versicolor, Chaetomium globosum (Barug, 1981) , Coniophora puteana, Coriolus versicolor (Dubey and Roy, 2003) , and Cunninghamella elegans (Bernat and Dlugonski, 2006) among fungi, Pavlova lutheri (Saint-Louis et al., 1994) , Chlorella vulgaris, and Chlorella sp. (Tsang et al., 1999) among the algae, and P. aeruginosa (Barug, 1981) , A. faecalis (Barug, 1981) , P. diminuta (Kawai et al., 1998) , Aeromonas molluscorum Av27 (Cruz et al., 2007) , and Enterobacter cloacae (Sakultantimetha et al., 2010) among bacteria. Table 4 lists various microorganisms isolated from TBT contaminated sites or selected by enrichment, which can metabolize TBT under appropriate conditions. Among these, only a few species are able to utilize the compound as the sole carbon source, as several species of Pseudomonas (Roy et al., 2004; Cruz et al., 2007; Sampath et al., 2012) and Aeromonas molluscorum Av27 (Roy et al., 2004; Cruz et al., 2007; Sampath et al., 2012) .
Despite the fact that degradation and methylation of TBT have been demonstrated to take place in natural aquatic systems, information on the mechanistic reactions involved in the process is limited (Tessier et al., 2007) . As such, microcosms can override field studies to better discriminate mechanistic reactions driving the biogeochemistry dynamics of TBT in the aquatic environments. They also allow to identify and validate the environmental significance of laboratory data derived from simpler systems (Pritchard et al., 1986) . In the last decade several microcosms studies were carried out.
A radiotracer experiment was conducted in a controlled experimental ecosystem (microcosm) to determine the persistence and behaviour of TBT under conditions that simulated a temperate, shallow estuarine ecosystem (Dai et al., 1998) . TBT rapidly distributed among the compartments of the microcosm. The TBT half-life in the water column was 2.55 days in the first 11 days and then slowed down to 13.4 days. More than 60% of the TBT and its metabolites were found in the sediment, indicating that this is a major sink for butyltins. Higher concentrations of butyltins, relative to the water column concentrations, were found in the surface microlayer. TBT could be bioconcentrated by fish to levels more than 200 times the concentration of exposure, being rapidly degraded in the fish body, so that high concentrations of its metabolites were found in fish. Zhiqiong et al. (2001) carried out a laboratory estuarine microcosm to study the behaviour of TBTCl in different culture media conditions. The results showed that TBT is partitioned among the subsurface microlayer, water column, sediment, suspended matter, and also in algae and Tilapia fish. About 20 days later, the system entered into a steady state. The degradation of TBT occurred in all the culture media tested, with DBT as the primary degradation product.
The degradation of TBT and the changes in the bacterial number and community structures were investigated in microcosms using the sediment collected from the Mekong River (Vietnam) by Suehiro et al. (2006) . In this microcosm experiment, initial concentration of TBT (1.0-1.4 μg g -1 dw) decreased to 0.6 μg g -1 dw along 150 days, whereas in the control microcosm, with autoclaved sediment, TBT amount remained constant. Those results suggested that there is a high TBT-degrading activity conducted by microorganisms in the Mekong River sediment. The occurrence of TBTresistant bacteria and the bacterial community structure monitored by denaturing gradient gel electrophoresis (DGGE) were almost the same between the test and the control groups, indicating that the addition of TBT had little influence on the microbial community structure. Mekong River sediment seems to have a stable microbial community associated with TBT pollution (Suehiro et al., 2006) . Tessier et al. (2007) conducted experiments in controlled temperate freshwater ecosystems (microcosms) to determine the persistence and biogeochemical dynamic of TBT and its degradation products. TBT and its derivatives were monitored simultaneously for 23 days in sediment-water systems, with or without macroorganisms. Biphasic TBT removal from the water column was significantly enhanced by the presence of biota. The prevalence of TBT in biota was assessed by a kinetic approach of the different bioaccumulation pathways and associated metabolisms adopted by the snails and the macrophytes in response to the TBT contamination. Furthermore, sediment acted as the final reservoir for butyltins in both types of microcosms, with more than 70% of TBT and its metabolites recovered from this compartment after two weeks of exposure. Adelman et al. (1990) carried out a mesocosm experiment along 278 days, to monitor TBT and its degradation products by introducing radiolabeled TBT into a 13 m 3 marine enclosure with near-natural water column and benthos. TBT initial concentration in the water column was 590 ± 20 ng L -1 decreasing at a rate of 0.20 days -1 for 15 days and slowing down to 0.10 days -1 , after that period of time. The authors concluded that most of the TBT was lost from the water column through biodegradation. Two-thirds of the degradation proceeded through debutylation to dibutyltin, which in turn was degraded to monobutyltin, and one-third of the TBT was degraded directly to MBT. There was no evidence for degradation of MBT in the water. Another fraction of the TBT removed from the water column was transferred into the sediments.
Another microcosm experiment, using contaminated sediment from Ria de Aveiro, Portugal, was carried out in order to investigate the ability of Aeromonas molluscorum Av27, to bioremediate TBT alone and in association with the indigenous bacterial community. After 150 days, 28% of the TBT was degraded into DBT and MBT. TBT degradation was enhanced by the presence of Av27 strain (Cruz, 2014) .
The results reported in these studies highlight the general scheme of TBT persistence and behaviour in the aquatic ecosystems. Moreover, they show the role of the sediment compartment as a major reservoir for TBT contamination as well as a secondary source of organotins for the water column, even in chronic contamination circumstances.
Until now, bioremediation of TBT has only been attempted at bench scale processes. Brandsch et al. (2001) did set up an experiment with land deposition of TBT contaminated dredging sludge. Without any treatment, the TBT content of the sediment decreases only 10% per year. If the sediment was restacked regularly the decrease in TBT concentration is up to 30% per year. Experiments also showed that the degradation of TBT in the sediment, under aerobic conditions, is strongly influenced by temperature: the half-life of TBT in sediment with 320 μg kg -1 dw decreased from 90 weeks at 5 • C to four weeks at 55 • C. Sediment with 320 μg TBT kg -1 dw was kept at 55 • C (in aerobic conditions) during seven months, and a complete degradation of TBT occurred (no measurable concentration left, detection limit = 1 μg kg -1 dw). Pensaert et al. (2005) tested a similar method in both laboratory scale and field experiments and found promising TBT-removal efficiencies of up to 70%.
According to the report "Screening Technologies" of the Life project TBT CLEAN (2005) despite the strong tendency to bind to the solid phase of the sediment, TBT is partially biologically available. If microorganisms can be found, which are resistant to the generally toxic properties of TBT, this compound might be biologically degraded. However, no reference is made to implemented processes in full scale, although the report suggested that TBT bioremediation can be practically realized by active lagunation (liquid phase) or by dry composting being, in both cases, inoculation and nutrient addition necessary. The authors consider inoculation by algae also promising, probably due to the number of degrading organisms already identified (Table 4) . Dubey and Roy (2003) , in their review on TBT biodegradation by marine bacteria, referred that compared with the few bench-scale degradation processes, there were no reports of field-scale processes for TBT bioremediation, despite its serious environmental threat to nontarget organisms in the aquatic environment. The authors pointed out that the implementation of field-scale biodegradation of TBT requires a framework incorporating the following points: (a) the screening and identification of natural bacterial strains; (b) determination of optimal conditions for growth of isolates and TBT degradation; (c) establishment of new metabolic pathways involved in TBT degradation; (d) identification, localization, and cloning of genes involved in degradation and in TBT resistance; (e) development of suitable microbial strains using genetic manipulation techniques for practical applications; and (f) optimization of practical engineering processes for bioremediation of organotin-contaminated sites.
In the last decade phytoremediation has been seen as a management treatment option for TBT-contaminated sediments. In some circumstances (e.g., to avoid flooding or to ensure navigation) dredging operations are necessary. Management and remediation of contaminated sediments are necessary to reduce the ecological risks and the risks associated with food chain contamination and leaching. Besides disposal, classical remediation technologies for contaminated sediment also extract or destroy contaminants. These techniques imply the sediment structure deterioration and prohibitive costs. On the contrary, phytoremediation could be a low-cost option, particularly suited to in situ remediation of large sites and environmentally friendly (Bert et al., 2009) .
The ability of Spartina alterniflora to degrade TBT in contaminated dredged soils has been investigated in a created wetland (Anderson et al., 2002) . It has been observed that 0.25 mg kg −1 TBT did not inhibit plant growth over the 16-month period. However, the plant did not improve degradation rate, as non-vegetated and vegetated samples gave similar results. In addition, only 0.4% TBT accumulated in the plant, mainly in the belowground biomass. Novak and Trapp (2005) investigated the feasibility to use landdeposited harbor sludge contaminated with organotins for plant production. The sediments were lagooned (dispose the dredged sediments in lagoonation fields, stirring them regularly, to dewater and aerate the polluted soil) for one year to dewater, desalinate, and improve their structure. The removal of TBT increased by both lagooning and plant growth. However the target values for sea dumping in use in certain European countries were not reached. A plausible explanation for the faster degradation of TBT under vegetation is that plants dewater the soil, thus aerating it. Barley was the optimal specie, which grew very well despite the salinity of the dredged sediments. It had also a significantly positive effect on TBT removal and showed no measurable uptake of TBT or the other butyltins into the harvested product.
Phytoremediation of TBT from soil mixed with sludge, containing 0.049-0.122 mg kg −1 , was tested ex situ (Lespes et al., 2009 ). The soil was cultivated with lettuce, which could accumulate 10% of the initial TBT in about two months, but 85 ± 15% remained in soil. Carvalho et al. (2010) investigated the ability of Halimione portulacoides, Spartina maritima and Sarcocornia for enhancing remediation of TBT from estuarine sediments using different experimental conditions. As referred by the authors, the influence of H. portulacoides on degradation of the butyltin compounds was assessed in two different ways: (a) a nine-month ex situ study carried out in a site of Sado River estuary, center of Portugal, which used polluted sediments collected at other non-vegetated site from the same estuary; and (b) a 12-month laboratorial study, using both plant and sediment collected at a relatively clean site of Cávado River estuary, north of Portugal; the sediment being doped with TBT, DBT, and MBT at the beginning of the experiment. The role of both S. fruticosa and S. maritima on TBT remediation in sediments was evaluated in situ, in salt marshes from Marim channel of Ria Formosa lagoon, south of Portugal, which has large areas colonized by each of these two plants. The referred work demonstrated that H. portulacoides has potential to be used for enhancing TBT remediation in sediments from salted areas. Sediments colonized both ex situ and at the laboratory by H. portulacoides displayed TBT levels about 30% lower than those for non-vegetated sediments with identical initial composition, after 9-12 months of plant exposure. In addition, H. portulacoides showed to be able of stimulating bacterial growth in the plant rhizosphere, which probably included degraders of TBT. The results observed in situ for S. maritima or S. fruticosa suggested that these two salt marsh plants also favored TBT remediation.
Bioremediation and phytoremediation of TBT wastewaters and sediments are still emerging technologies that have to prove its sustainability at field scale. Further research needs to focus on optimizations to enhance applicability and to address their economic feasibility.
If we consider natural attenuation as a "passive" bioremediation process for in situ decontamination of polluted areas, namely on TBT polluted marine and estuarine sediments, the monitoring of the combined pollutants should be of greater environmental importance to understand their interactive effects on marine organisms rather than a single type. Moreover, changes on the microbial community structure together with their responses to the measured environmental variables, including both pollutants and sediment properties should also be monitored. In this context, to support this process the development of bioreporters for specific compounds as well as DNA probes for the characterization of the microbial population is required.
BIOREPORTERS FOR TBT DETECTION
Monitoring of TBT is needed given its high toxicity and impact on biota.
Several analytical methods are used to detect OTs. Among those gas chromatography (GC) in combination with mass spectrometry (MS) or flame photometric detection (FPD, tin selection) are the most frequently used techniques (Abalos et al., 1997) . These methods are sensitive, but timeconsuming, expensive, and requires specialized and well equipped laboratories as well as professionals to handle and process the samples (Gueuné et al., 2009) . Therefore, conventional techniques to monitor these compounds in the environment are not an easy solution due to the analytical difficulties above mentioned. Furthermore, such analysis fail to provide information on the degree of bioavailability-the biological relevant fraction that influences the cell and is capable of passing through cellular membranes (Hynninen and Virta, 2009 )-and/or the toxicity of the sample components (Magrisso et al., 2008) . Thus, the implementation of alternative methodologies such as, for instance, bioreporters can help overcome these difficulties.
Several bioreporter configurations have been developed so far, using a variety of recognition elements (e.g., enzymes, antibodies, DNA, organelles or whole-cells; D'Souza, 2001; Bontidean et al., 2004) . DNA reporters can be of different forms such as electrodes, chips, and crystals and possess an high chemical stability when compared with other recognition elements. However, in general, DNA bioreporters are complex, slow, insensitive, very expensive, and not user-friendly to be suitable for routine uses (Zhai et al., 1997) .
Regarding the purified enzymes, these have been used due to their high specific activity and high analytical specificity. However, purified enzymes are very expensive and unstable, limiting their applications as bioreporters. Moreover, it is known that over 90% of the enzymes identified to date are intracellular. Hence, the use of whole cells as source of intracellular enzymes proved to be a better alternative to purified enzymes in different industrial processes (Bickerstaff, 1997; D'Souza and Marolia, 1999) . Many are the advantages of using whole cells systems: It avoids the extensive and high-cost operations required for enzyme purification, it preserves the characteristics of enzymes in their natural environment and it avoids enzyme inactivation due to the presence of external toxicants such as heavy metals. Additionally, whole cells also provide a multipurpose catalyst especially when the process requires the sequential participation of a number of enzymes (D'Souza, 2001) . Because of all the advantages offered by the whole-cell systems they have been widely used for the construction of TBT bioreporters.
So, in this review we will focus mainly on whole-cell based systems. Whole cell-based systems offer the possibility of identifying and quantifying specific pollutants present in complex mixtures without pre-treatment of the environmental sample (Keane et al., 2002) . In addition, information on bioavailability might also be highly valuable for risk assessment and for the selection of suitable remediation options (Leedjarv et al., 2006) .
Whole-cell bioreporters consist of living microorganisms that produce a specific quantifiable signal in response to target chemicals (Hynninen and Virta, 2009) . Typically, specific whole-cell bioreporters combine a sensor element for the substance of interest and a reporter gene that encodes an easily detectable protein (Hynninen and Virta, 2009 ). Some of the major attributes of a good bioreporter system are its specificity, sensitivity, reliability, portability (in most cases), ability to function even in optically opaque solutions, real-time analysis, and simplicity of operation (D'Souza, 2001) .
The use of bacteria for environmental monitoring also offers several advantages over higher organisms because they produce large and homogenous populations, have short generation times, have low costs of maintenance and storage, and are rapidly and easily manipulated to respond in a dose-dependent manner to specific chemicals or classes of chemicals, thus providing a true measure of bioavailability (Magrisso et al., 2008) . Furthermore, if a bioreporter makes use of a complex reaction scheme then it may be more convenient to use microorganisms, already optimized by nature, to develop the reporter systems (Brown et al., 1991) .
In Table 5 are listed some of the bioreporters developed for TBT detection. However, a comparison between the different bioreporters is not easy because they were developed in different laboratories, where different conditions might have been used to test them. Yet, it is clear that the most of the bioreporters described use E. coli as host organism to develop (Briscoe et al., 1996; Cha and Kim, 2002; Durand et al., 2003) . Almost all of those systems use luxAB operon, as the reporter gene, where induction with D-luciferin is required, which can constitute a limitation when compared to bioreporters based on luxCDABE operon, that confer a luminescence phenotype without the addition of an external substrate (Hynninen and Virta, 2009) .
Regarding this available TBT bioreporters other limitations can be highlighted, such as lack of specificity or sensitivity and low time of response. Most of the developed bioreporters possess a high detection limit. The lowest value of 1 nM of TBT was obtained with the E. coli TBT3 bioreporter . E. coli TBT3 was obtained after random insertion of the luxAB genes from Vibrio harveyi into E. coli DH1 (Guzzo and DuBow, 1991; Durand et al., 2003) . The time of response of the described bioreporters ranged from 1 to 10 hr, depending on TBT concentration. Usually, higher concentrations of TBT imply a lower time of response and viceversa. Also, the reported bioreporter systems lack specificity for TBT because other substrates (e.g., DBT, TPT) can also activate the reporter gene. It has been reported that a lower specificity is obtained with whole cells in comparison to bioreporters containing pure enzymes (D'Souza, 2001) .
The use of environmental strains as bioreporters constitutes a great advantage because it has been shown that organisms develop special strategies, such as development of resistance mechanisms or the ability to remove some of these contaminants, during the transition from pristine to polluted environments (Brown et al., 1991) . One of the bioreporters for TBT was developed based on Halomonas sp. and Bacillus purilis, both environmental strains (Mountfort et al., 2007) . In this case, one member of the paired bacterial combination produces a negative response (B. purilis) while the other member produces a positive response (Halomonas sp.) to a given analyte, avoiding the responses that sometimes are evoked by confounding substances (Mountfort et al., 2007) . However, this bioreporter system was not very sensitive because it was able to detect TBT levels of 10 μM, which are above the environmentally relevant concentrations.
Concerning the bioreporter based on E. coli TBT3 (Gueuné et al., 2009) , the authors proposed a bioassay using a recombinant bioluminescent bacterium that allows the detection of TBT directly in antifouling paints in less than three hours. The same bioreporter could also detect OT in complex samples such as waste water from shipyards containing paint particles (Mountfort et al., 2007) . In that same study concentrations of TBT between 0.1 μM and 10 mM were tested, which again are also above the environmental relevant concentrations.
More recently, the development and optimization of a bioluminescent yeast assay, using Saccharomyces cerevisiae to detect OTs, was reported. This bioreporter is based on the interaction of a hybrid retinoid X receptor (RXR) with the subsequent expression of a reporter luciferase gene. This assay allows small-scale high-throughput analyses and showed to detect TBT and TPT in nanomolar concentrations (detection limits were found to be 30 and 110 nM, respectively). With that system it was also possible to measure TBT directly in untreated spiked sediments (Kabiersch et al., 2013) .
The available bioreporters for TBT still have some limitations, namely in respect to specificity and/or sensitivity. The demand for better bioreporters can go through the optimization of their specificity and/or sensibility. Some strategies can be adopted, which include (a) enhancing/facilitating the import of contaminant into the cell, (b) hindering the export of detectable ions from the cell, and (c) modifying the sensing element, once the main components of a bioreporter that influence sensitivity and specificity are the sensor element and the bacterial metal homeostasis system (Hynninen and Virta, 2009) . Also, growth and test conditions should be optimized to achieve a satisfactory detection limit within a minimal time.
Another important aspect is the chemical composition of the test medium because it is known to contribute to the bioavailability of the compound to be detected. Different culture media should be tested during the optimization assay. As such, whenever possible, rich media should be avoided, and bioavailability tests should be carried out under conditions in which the levels of possible metal-binding ligands have been minimized (Hynninen and Virta, 2009) . One such example is the detection of copper and zinc by luminescent reporter bacteria that was shown to be more sensitive in a medium containing β-glycerophosphate than in LB medium (Riether et al., 2001) . Additionally, pH of the test environment may alter the performance of the bioreporter, as the metal speciation is greatly affected by pH, altering the apparent bioavailability of metals (Hynninen and Virta, 2009) . For example, when luciferin is used as the substrate, the pH must be lowered to slightly acidic conditions that favor the transfer of luciferin across cell membranes (Wood and DeLuca, 1987; Virta et al., 1995) . Finally, temperature is another relevant aspect because it may also influence the response of the bioreporter. Usually, the optimal growth temperature of the host cell is used for testing, as it is normally optimal for inducibility (Hynninen and Virta, 2009 ), but some exceptions can occur.
Despite the optimizations that can be performed with the available bioreporters for TBT, it is imperative to search for new sensor elements and new host bacterial cells to develop new bioreporters with improved capabilities to be used in laboratorial and environmental samples.
FINAL REMARKS
The impact of TBT is a major worldwide problem of concern. Monitoring studies are required to help evaluate the contamination temporal trends, the effectiveness of the adopted legislations and the environmental risks posed, particularly to human health. The various effects resulting from the exposure to TBT were herein reviewed. As referred, various organisms have been identified as TBT resistant and/or TBT degraders, among those are bacteria, fungi, and algae. Several studies have been conducted to clarify TBT resistance and degradation mechanisms in microorganisms. In general, and with respect to fungi and algae, the resistance mechanisms described are related with the ability to bioabsorb and degrade TBT, by enzymatic processes. Regarding bacteria the phenotype is related mainly with efflux pumps. Yet, the information is still scarce and contradictory and thus further studies are still required. The development of new user-friendly bioreporters for TBT that can efficiently detect this compound and that will, ultimately, contribute to implement measures that will help reduce environmental TBT pollution is still a priority.
A number of genes have been identified in bacteria, and were used to develop TBT bioreporters. Nonetheless their use and application is null or limited and therefore also requires further investigation. As so, nextgeneration sequencing can be employed to analyze the bacterial transcriptomes and therefore provide new insights in this topic. If this transcriptome analysis is performed on cells that are exposed to TBT, new genes and metabolic pathways can be identified that can be associated with the degradation/resistance of this compound. Thereby, the genes identified through this analysis can be used as the sensor elements in bioreporters for TBT. Once detected, TBT can also be degraded by efficient bioremediation strategies, and this is another area that requires further studies.
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